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Chapter 1: Introduction 

 Polybrominated diphenyl ethers (PBDEs) are a class of compounds used as flame-

retardants in a variety of commercial products. The United States Environmental Protection 

Agency (EPA) has recently deemed PBDEs as a “contaminant of emerging concern” due to 

their prevalence in the environment and the lack of knowledge concerning the risks to human 

and environmental health (U.S. EPA 2013). In general, PBDEs are highly stable and have 

been detected all over the world in a large variety of organisms including humans. Current 

research suggests that exposure to PBDEs may induce adverse effects such as 

neurodevelopmental toxicity and endocrine disruption (McDonald 2001). Though several 

countries have begun to restrict their manufacture and use, it is expected that PBDEs will 

continue to be an environmental challenge due to their persistence and ubiquity. Given this, it 

is essential that the potential biological effects of PBDEs be characterized in order to 

adequately identify exposure outcomes and effectively assess the environmental and human 

health risks of exposure associated with PBDEs. 

 

Chemistry and Use of PBDEs 

 Prior to the use of PBDEs, polychlorinated diphenyl ethers (PCBs), a class of 

compounds highly similar in structure to PBDEs, were used as flame-retardants. However, 

PCBs were found to be persistent and harmful to the biota in 

the environment. The production of PBDEs began in the 1970s 

at approximately the same time PCBs were banned 

(Vonderheide et al. 2008). PBDEs are produced by 

brominating diphenyl ether in the presence of a catalyst. Figure 

Figure 1. Generalized 
chemical structure of PBDE 
(EPA 2009). 
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1 displays the basic chemical structure of PBDEs. Theoretically there are 209 congeners that 

differ in their number and orientation of bromine atoms (de Wit 2002). To slow the 

combustion rate and the spread of fire, PBDEs are designed to decompose at a lower 

temperature than the material to which they are applied, increasing thermal stability (Rahman 

et al. 2001). There are three main commercial mixtures of PBDEs, penta, octa and decaBDE 

(de Wit 2002). The mixtures vary in congener makeup as well as application (Table 1).  

 

Table 1. Main commercial mixtures of PBDEs and their components, applications and 

current regulations for their manufacture and use (U.S. EPA 2009, Vonderheide et al. 2008). 

Commercial 
Mixture 

Major 
Components 

Major 
Congeners Applications 

Current 
Regulation in 

E.U. 

Current 
Regulation in 

U.S. 

penta-PBDE tetraPBDEs 
pentaPBDEs PBDE-47 Polyurethane 

foam, textiles Banned 

Production 
halted, 

regulations in 
some states 

octa-PBDE heptaPBDEs 
octaPBDEs 

 
PBDE-183 
PBDE-197 

 

Polyurethane 
foam, textiles Banned 

Production 
halted, 

regulations in 
some states 

deca-PBDE decaPBDEs PBDE-209 
Plastic 

electronic 
housing 

In use Regulations in 
some states 

 

In general, these mixtures are applied as additives to a large variety of products including 

polyurethane foams and textiles that are used in mattresses, furniture, vehicles, building 

materials and electronics. It is estimated that from 1970 to 2005, the worldwide production of 

PBDEs was between 1.3 and 1.5 million tons (UNIDO 2012). In 2004, the penta-PBDE and 

octa-PBDE mixtures were banned in the European Union and the largest U.S. manufacturer 

of these mixtures voluntarily phased out production. However, penta-PBDE containing 

products are still produced outside of the U.S. and importation remains legal. The deca-
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PBDE mixture is still currently produced, but some countries and eight states have applied 

regulations regarding its use (NCSL 2015, Vonderheide et al. 2008). 

 

PBDEs and the Environment 

 Because PBDEs are not chemically bound to the materials to which they are applied, 

they are able to leach into the environment (Rahman et al. 2001, de Wit 2002, Vonderheide 

et al. 2008). Though PBDEs can be released from materials during their use, it is thought that 

many PBDEs are released into the environment when materials are disposed of in landfills or 

burned (Rahman et al. 2001). Of the commercially used PBDEs, the most commonly 

detected in the environment is a component of pentaBDE, PBDE-47. The prevalence of 

PBDE-47 is most likely attributable to several characteristics. First, PBDE-47 is extremely 

stable. Estimated degradation half lives for this compound are 1.1-3.4 and >3.4 years in water 

and sediment, respectively (Goudin & Harner 2003). Secondly, PBDE-47 is mobile in the 

environment. Goudin & Harner have proposed that PBDE-47 is susceptible to atmospheric 

transport through a mechanism referred to as a “grasshopper effect.” Specifically, PBDE-47 

is accumulated in snowpack during winter months until temperatures increase when it is 

remobilized into the atmosphere to be transported to remote locations via meteorological 

events (Goudin & Harner 2003). Finally, highly brominated PBDEs, such as the decaBDE 

PBDE-209, have been shown to debrominate as a result of exposure to sunlight or 

metabolism in organisms, generating lower brominated compounds such as PBDE-47 

(Söderström et al. 2004, Stapleton et al. 2004, Roberts et al. 2011).  PBDE-47 has been 

phased out of production. However, it can be produced as other less stable congeners 

degrade, such as deca-PBDEs.  
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The mobility of PBDE-47 as well as its resistance to degradation allows for its wide 

geographical distribution as seen in table 2. PBDE-47 is considered to be ubiquitous as is 

evidenced by its detection in Arctic environments, which is most likely due to the 

“grasshopper effect” discussed previously (Table 2).  

 

Table 2. Geographical distribution of PBDE-47 in various tissue. All concentrations are 

reported in ng/g lipid unless denoted otherwise. 

Region Location Tissue Type PBDE-47 Percent 
PBDE-47 Study 

United 
States 
and 

Canada 

Virginia Various fish fillets < 5 -47,900* 40-70% Hale et al. 2001 

California Human breast 
adipose tissue 86 Δ 82% Petreas et al. 

2011 
St. Lawrence 

Estuary 
Male beluga whale 

blubber 258 Δ 
ww 52% Law et al. 2003 

Law et al. 2003 

Europe 

Spain Feral carp muscle 29-638 37-90% Labandeira et al. 
2006 

Southern 
Greenland Blue mussel 0.10 Δ 

ww 
 91% Christensen et 

al. 2002 
Sweden Human breast milk 4.0 Δ 59% Lind et al. 2003 

Asia 
China Mud carp 187-1283 ww NA Wu et al. 2008 
China Silver carp muscle 8.3-160 NA Xian et al. 2008 

Taiwan Various fish 17.0-92.3 ww NA Peng et al. 2007 

Arctic 

Norway Female glacous 
gull liver 3.5-100 ww NA Savinov et al. 

2005 

Norway Polar cod 2.09 59% Wolkers et al. 
2004 

Norway Polar bear adipose 
tissue 22.39 75% Sørmo et al. 

2006 
* = total PBDE detected; Δ = mean; ww = ng/g wet weight 

!
PBDE-47 is highly lipophilic (log Kow = 6.81), allowing for accumulation in a wide variety 

of tissues and biomagnification across trophic levels (Table 2, EPA 2008, de Wit 2002). For 

example, Burreau et al. (2006) studied organisms in the Baltic Sea for nitrogen isotopes, 

which are indicative of trophic level, and ten PBDE congeners. The results revealed that 

PBDE-47 had the highest level of biomagnification amongst PBDEs and was also 
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comparable to PCBs (Figure 2, Burreau et al. 

2006). Finally, of the congeners detected in 

biota, PBDE-47 is typically detected in the 

highest concentrations. In the examples 

presented here, this trend is apparent in all 

locations as PBDE-47 contributes to 31-91% of 

the PBDEs detected (Table 2).   

 

General Biological Effects of PBDE-47 

 Given the prevalence and persistence of PBDE-47 in the environment, recent studies 

have explored the effects of exposure to this compound in several organisms. Adverse effects 

typically include behavioral alterations, neurodevelopmental toxicity and endocrine 

disruption (McDonald 2001). In regards to behavior, studies in zebrafish (Danio rerio) have 

shown that early life stage exposures to PBDE-47 adversely affect swimming ability (Chen et 

al. 2012a, Chou et al. 2010). After exposing zebrafish to PBDE-47 during their earliest life 

stages, Chen et al. (2012a) found that exposed fish exhibited reduced swim speed and touch 

response as well as an altered behavioral response to light stimulation. These effects were 

attributed to alterations in neurodevelopment, specifically, inhibited axonal growth of 

primary and secondary motor neurons (Chen et al. 2012a).  

 Thyroid signaling is associated with growth and metabolism in most organisms. The 

chemical structure of PBDE-47 is highly similar to that of thyroid hormones given that both 

are hydroxylated, halogenated-diphenylethers. Given this, it is thought that PBDE-47 

disrupts thyroid hormone signaling by binding to thyroid hormone receptors or transport 

Figure 2. Biomagnification of  
PBDE-47 in the Baltic Sea (Burreau et 
al. 2006).  



! ! !6 

proteins (McDonald 2001). Decreases in circulating in thyroid hormone and alterations in 

thyroid structure have been observed in several species after exposure to PBDE-47 (Lema et 

al. 2008, Fernie et al. 2005, Talsness et al. 2008).  

 There is also evidence that PBDE-47 may disrupt sex steroid hormone signaling. 

Specifically, PBDE-47 has been shown to act as an agonist by binding to and activating 

estrogen receptors using both Chemical Activated Luciferase Gene Expression (CALUX) 

and transactivation assays (Kojima et al. 2009, Hamers et al. 2006, Meerts et al. 2001). In 

addition, PBDE-47 has also been shown to act as an antagonist by blocking the binding of 

androgen to its receptor through competitive inhibition (Hamers et al. 2006, Stoker et al. 

2005). As such, there is reason to suspect that PBDE-47 may alter sex steroid hormone 

signaling in vivo. 

 

Sex Steroid Hormone Signaling and Reproduction in Teleost Fish 

 The hypothalamic-pituitary-gonadal axis (HPG) is essential for reproductive success 

given the signals it provides to stimulate critical physiological processes such as 

gametogenesis and the development of secondary sex characteristics (Figure 3). 

Gonadotropin-releasing hormone (GnRH) from the hypothalamus stimulates the release of 

follicle stimulating hormone (FSH) and luteinizing hormone (LH) from the pituitary. In 

female fish, FSH and LH stimulate thecal and granulosa cells to produce testosterone that is 

ultimately converted to 17β-estradiol via the enzymatic action of aromatase. 17β-estradiol 

has multiple targets including the liver, which is stimulated to produce the egg yolk 

lipoprotein, vitellogenin. In addition, 17β-estradiol also stimulates the development of 

oocytes and female secondary sex characteristics. In males, FSH and LH stimulate Sertoli 
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and Leydig cells to stimulate sperm development and the production of androgens 

(testosterone and 11-ketotestosterone), respectively. Androgens are then responsible for 

inducing the development of male secondary sex characteristics and sperm as well as the 

modification of behvior (Figure 3, Ankley & Johnson 2004).  

 

  

If endocrine disrupting compounds interrupt any of these signaling processes, 

reproduction may be impaired. As a result, molecular endpoints associated with the HPG axis 

are routinely analyzed to screen for endocrine disrupting compounds and utilize as a 

diagnostic tool for pinpointing possible mechanisms of action. For example, as stated 

Figure 3. Overview of the teleost hypothalamic-pituitary-gonadal axis. 
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previously, vitellogenin production in the liver is stimulated by 17β-estradiol in female fish. 

However, male fish have also retained the ability to produce vitellogenin even though they 

do not produce eggs. When male fish are exposed to 17β-estradiol or a compound that is 

capable of binding to estrogen receptors, vitellogenin production can be stimulated. 

Therefore, measuring expression or protein levels of vitellogenin in males is routinely used 

as an indicator of exposure to estrogen or estrogenic compounds (Jones et al. 2000, Ankley et 

al. 2001).  

 The previously mentioned observed disruptions in sex steroid hormone signaling (e.g. 

estrogenic activity, anti-androgenic activity) have prompted the exploration of the effects of 

PBDE-47 on the reproductive system considering the importance of HPG signaling in 

reproductive success. In vivo, PBDE-47 has been shown to induce reproductive failure in 

fathead minnows (Pimephales promelas) (Muirhead et al. 2006). Additionally, male fathead 

minnows exposed to PBDE-47 have experienced decreases in mature sperm (Lema et al. 

2008, Muirhead et al. 2006). As such, it is possible that these effects are a result of alterations 

in HPG signaling.  

 

Activational vs. Organizational Effects 

 The aforementioned studies focused on reproduction were all conducted using adult 

organisms. However, it is also important to consider early life stage organisms. The effects of 

endocrine disrupting compounds can be either activational or organizational (Guillette et al. 

1995). Activational effects occur in adults and are most often temporary and reversible after 

the exposure is removed. Alternatively, organizational effects occur in early life stage 

organisms and are permanent and irreversible even after the exposure is removed. Generally, 
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early life stage organisms are sensitive to exposures due to high rates of mitosis. The 

permanence of these effects is due to a disruption in embryonic development and pattern 

formation (Guillette et al. 1995). To compare, an example of an activational effect would be 

the induction of vitellogenin in males after exposure to 17β-estradiol (Brion et al. 2004). Yet, 

identical exposures to 17β-estradiol during early life stages disrupt sexual differentiation in 

favor of females (Brion et al. 2004).  

 Given this, is it reasonable to suspect that PBDE-47 will induce different effects on 

reproductive function in adult and early life stage organisms. This is particularly important 

given the persistence and prevalence of PBDE-47. In addition, PBDE-47 has also been 

demonstrated to be maternally transferred to offspring, subsequently exposing organisms at 

the earliest life stages possible (van de Merwe et al. 2011, Schecter et al. 2007, Nyholm et al. 

2008).  

 

Project Goals and Objectives 

The overall goal of this project was to determine the differential reproductive effects 

of PBDE-47 exposure on adult and early life stage organisms. To achieve this goal, adult 

fathead minnows were exposed to PBDE-47 during which time reproductive performance 

was assessed. In a second set of experiments, fathead minnows were exposed to PBDE-47 

via a combination of maternal transfer and diet until 34 dpf (days post fertilization). 

Minnows were then raised on a clean diet until sexual maturity was reached at which point 

reproductive success was assessed.  
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The specific objectives of this project were: 

Objective 1: To determine the effects of short-term exposure to environmentally relevant 

concentrations of PBDE-47 on reproductive function in adult fathead minnows (Chapter 1).  

To complete this objective the following hypotheses were tested: 

Hypothesis 1: PBDE-47 exposure causes decreases in the reproductive success of 

adult fathead minnows.  

Hypothesis 2: PBDE-47-induced alterations in reproductive success are associated 

with changes in the expression of sex steroid hormone-related genes.  

 

Objective 2: To determine the effects of early life stage exposure to PBDE-47 on 

reproductive function in fathead minnows (Chapter 2). 

To complete this objective the following hypotheses were tested: 

Hypothesis 1: Exposure to PBDE-47 during early life stages causes decreases in the 

reproductive success of fathead minnows.  

Hypothesis 2: Exposure to PBDE-47 during early life stages causes decreases in the 

sexual development (e.g. secondary sex characteristics, gonadosomatic index, sex 

ratio) of fathead minnows.  

Hypothesis 3: PBDE-47 induced alterations in reproductive success and sexual 

development are associated with alterations in the expression of sex steroid hormone-

related genes during early life stages. 
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Chapter 2: Introduction 

 Polybrominated diphenyl ethers (PBDEs) are a class of synthetically manufactured 

compounds used as flame-retardants. These compounds are used in a variety of products 

including electronics and polyurethane foams (de Wit 2002). Because PBDEs are not 

chemically bound to the products to which they are applied, they can easily leach into the 

environment (de Wit 2002, Rahman et al. 2001). Of the 209 possible congeners, PBDE-47 is 

consistently detected in the highest abundance in a variety of abiotic and biotic matrices 

including water, sediment, birds and artic mammals (EPA 2013, de Wit 2002, Law et al. 

2003). PBDE-47 is highly lipophilic (log Kow of 6.81) and is resistant to degradation (EPA 

2008). Using several modeling techniques, Gouin & Harner (2003) estimated that the 

degradation half-life of PBDE-47 was 1.1-3.4 and >3.4 years in water and sediment, 

respectively. In fish, the biological half-life of PBDE-47 been reported to be approximately 

11 days in the Japanese medaka (Oryzias latipes) (Muirhead et al. 2006), 30 days in carp 

(Cyprinus carpio) (Stapleton et al. 2004) and 39 or 346 days in Lake Trout (Salvelinus 

namaycush) depending on the dose (Tomy et al. 2004). Though it is evident that fish are 

capable of eliminating PBDE-47, it is unlikely that organisms will be able to avoid constant 

exposure given the ubiquity and stability of PBDE-47 in abiotic matrices.   

 PBDE-47 is a suspected endocrine disruptor given the results of several in vitro 

studies demonstrating its estrogenic and anti-androgenic actions (Kojima et al. 2009, Hamers 

et al. 2006, Meerts et al. 2001). Using a transactivation assay with Chinese hamster ovary 

cells, Kojima et al. (2009) demonstrated that that PBDE-47 binds to and activates the 

estrogen receptor and inhibits activation of the androgen receptor. Additionally, Stoker et al. 

(2005) provided evidence that PBDE-47 acts as an androgen antagonist through competitive 
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inhibition. Given the results of these in vitro studies, it is reasonable to suspect that in vivo 

exposures could lead to endocrine disruption and ultimately alterations in reproductive 

function as appropriate sex steroid signaling is closely related to reproductive success 

(Ankley & Johnson 2004). Several studies have focused on the possible reproductive effects 

of PBDE-47 (Lema et al. 2008, Muirhead et al. 2006). Muirhead et al. (2006) found that 

fathead minnow breeding pairs exposed to PBDE-47 suffered complete reproductive failure 

after only 10 days of exposure, and that exposed males to PBDE-47 had significant decreases 

in the number of mature sperm relative to controls. Similarly, Lema et al. (2008) observed 

decreases in spermatozoa among males exposed to PBDE-47. Though both of these studies 

provide evidence that PBDE-47 can adversely affect reproductive function at concentrations 

at least ten times higher than those detected in the environment (Hale et al. 2001), it remains 

unclear whether exposures that produce lower body burdens of PBDE-47 could also lead to 

endocrine disruption and impaired reproductive performance. 

 The main of objectives of this study were to determine the effects of short-term 

exposure of PBDE-47 on 1) reproductive success and 2) reproductive endocrinology. To 

determine effects on reproductive success, fathead minnow adult breeding pairs were 

exposed to PBDE-47 for 21 days during which time reproductive success was monitored by 

evaluating spawning frequency, clutch size, fecundity, fertilization success, hatching success 

and larval survival. To determine the effects of PBDE-47 on reproductive endocrinology, fish 

were sacrificed at the conclusion of the study for the analysis of sex steroid hormone-related 

gene expression, secondary sex characteristics (SSC) and gonadosomatic index (GSI). 
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Chapter 2: Methods 

General Experimental Design 

 Figure 4 shows the experimental design for adult PBDE-47 exposure. Adult fathead 

minnow breeding pairs were fed clean, low PBDE-47 dose, or high PBDE-47 dose 

bioencapsulated Artemia for 21 days. During the exposure period, reproductive success was 

evaluated by monitoring fecundity, spawning frequency, clutch size, fertilization success, 

hatching success and larval survival). At the conclusion of the exposure, minnows were 

euthanized for the collection of gonad and liver tissue for gene expression analysis and the 

determination of GSI. In addition, males were also analyzed for secondary sex characteristics 

(i.e. number of nuptial tubercles and fatpad score).  

               

           Figure 4. Experimental design for adult fathead minnow PBDE-47 exposure.  
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Bioencapsulation of Artemia 

To expose fathead minnows to PBDE-47 via their diet, Artemia nauplii were 

bioencapsulated with PBDE-47. PBDE-47 was obtained from Chem Service, Inc. (West 

Chester, PA; > 99% purity) and a 10 mg/mL stock solution was prepared in hexane. To 

bioencapsulate Artemia, 1 mL of the stock solution was added to a 250 mL Erlenmeyer flask. 

The hexane was evaporated off leaving 10 mg of PBDE-47 coating the inside of the flask. 

Next, 10.5 g wet weight (ww) of newly hatched Artemia (~24 hours old) were added to the 

flask with 100 mL of 35 g/L salt water and allowed to incubate for approximately 24 hours 

under light aeration with no light to prevent possible photolytic degradation of the PBDE-47. 

Following incubation, artemia were collected, rinsed with fresh water and stored at -20 °C. 

 

Animal Husbandry and Exposure Regime 

Fathead minnows (~5 months old) were obtained from Aquatic Biosystems (Fort 

Collins, CO). One hundred twenty fish were randomly assorted into 3 groups of 20 breeding 

pairs: control, low PBDE-47 dose, and high PBDE-47 dose. During the study, two pairs of 

fish were housed in 30 L aquaria divided in half by a plastic divider and maintained at 26°C 

under a photoperiod of 16 h light: 8 h dark. During the 21-day exposure period, control pairs 

received 105 mg of clean Artemia. Low dose breeding pairs received 105 mg 

bioencapsulated Artemia daily at a concentration of 57.68 µg PBDE-47 /g Artemia (6.06 µg 

PBDE-47/pair/day). High dose breeding pairs received 105 mg bioencapsulated Artemia 

daily at a concentration of 392.59 µg PBDE-47 /g Artemia (41.22 µg PBDE-47/pair/day). 

Pairs were also fed commercially available flake food (Tetramin, Blacksburg, VA) ad libitum 

twice daily in addition to Artemia. Uneaten food and wastes were removed via daily one-
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third water exchange. Renewal water had the following water quality (mean ± standard 

deviation): pH, 7.9 ± 0.6; alkalinity (expressed as ppm CaCO3), 106.3 ± 7.6; hardness 

(expressed as ppm CaCO3), 101.8 ± 4.9; and conductivity 402.0 ± 21.7 µS/cm.  

 

PBDE-47 Analysis 

Chemical analysis was performed using methods modified from Liu et al. (2009). To 

prepare Artemia samples, approximately 1 mg of Artemia in approximately was 

homogenized using a Mini Beadbeater 24 with 2.5 mm glass beads (Bartlesville, OK). 

Artemia samples were homogenized with 50 ng isotopically labeled 13C12 PBDE-47 in ethyl 

acetate as the internal standard. The homogenate was then filtered using a syringeless filter 

device with a pore size of 0.2 µm (Whatman, General Electric, Pittsburg, PA).  

Carcasses were collected by removing the head and tail and were kept on dry ice until 

stored at -80 °C. Carcass samples were prepared by collecting one half of the whole carcass 

by cutting along the spine. Carcass was then homogenized in 1-2 ml of 5:2 acetone/hexane 

using a Mini Beadbeater 24 with 2.5 mm glass beads (Bartlesville, OK). Carcass samples 

were homogenized with 200 ng isotopically labeled 13C12 PBDE-47 in ethyl acetate as the 

internal standard. The homogenate was then filtered using a syringeless filter device with a 

pore size of 0.2 µm (Whatman, General Electric, Pittsburg, PA). Twenty five percent of the 

carcass filtrate was reserved for extraction.  

Following filtration, all samples were then evaporated under nitrogen gas then 

resuspended in approximately 1-2 mL of acetonitrile and incubated at -20 °C for 30 minutes. 

Samples were then filtered through filter paper (pore size of 20-30 µm), evaporated under 

nitrogen gas and resuspended in 100 µL of ethyl acetate.  
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Samples were analyzed on an Agilent Technologies 5973 mass spectrometer with a 

6890N GC System (Santa Clara, CA) equipped with an Agilent 30 m X 0.25 mm X 0.025 um 

DB-5 capillary column. The GC was operated in splitless injection mode under constant flow 

of helium carrier gas at 1.1 mL/min with an inlet temperature of 265 °C.  The GC oven was 

programmed for an initial 1 min hold at 40 °C and then ramped at 15 °C/min to a final hold 

at 300 °C for 10 min.  The mass spectrometer was operated in the selected ion mode with the 

following m/z targets:  13C12 PBDE-47: 498, 496, 338, 336 and PDBE-47: 486, 484, 326, 

324.   Standard curves were prepared using PBDE 47 concentrations from 16 µg/L to 200 

mg/L and 13C12 PBDE-47 was at 500 µg/L.  Carcass samples had an average background 

level of 0.02 µg PBDE-47/g. There were no detectable levels of PBDE-47 in Artemia 

samples. Percent recovery was determined by spiking control tissue samples with native 

PBDE-47. The recoveries of known amounts of PBDE-47 for Artemia were 99-121%. Within 

each set of samples, an additional solvent blank was prepared to ensure quality control. 

Solvent blanks did not contain detectable levels of PBDE-47. 

 

Gene Expression Analysis 

Upon collection, liver and gonad tissue were flash frozen in liquid nitrogen and stored 

at -80 °C for subsequent gene expression analysis. Tissues were homogenized using an 

QSonica tissue sonicator (QSonica, Farmingdale, NY), and total RNA was extracted from 

each sample using the Maxwell 16 LEV simplyRNA Purification Kit (Promega, Madison, 

WI) per manufacturer protocol as outlined in Sellin Jeffries et al. (2014). Total RNA was 

quantified and checked for purity using the NanoDrop 1000 (ThermoScientific, Wilmington, 

DE). All samples had 260/280 ratios ≥ 2.01. First-strand cDNA was synthesized using the 
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iScript cDNA synthesis kit (BioRad, Hercules, CA) per manufacturer protocol. Briefly, each 

10 µL reaction contained 2 µL of 5x iScript Reaction mix, 0.5 µL iScript reverse 

transcriptase and 0.1 µg of total RNA diluted into 7.5 µL of nuclease free water. Reactions 

were performed using a TC100 thermal cycler (BioRad, Hercules, CA) with a thermal 

cycling program of 5 min at 25 °C followed by 30 min at 42 °C and 5 min at 85 °C. 

All qPCR reactions were performed in triplicate using a CFX Connect real-time PCR 

detection system managed by CFX Manage Software version 3.0 (BioRad, Hercules, CA). 

Each 10 µL qPCR reaction contained 5 µL of SsoAdvanced Universal SYBR Green 

Supermix (BioRad, Hercules, CA), 0.3 µL of primer, 4.3 µL of nuclease free water and 0.4 

µL of cDNA. The thermal cycling program consisted of an activation step (95 °C, 30 sec) 

followed by 40 cycles of denaturing (95 °C, 10 sec) and annealing (primer specific 

temperature, 15 sec). Reactions for l8, vtg, star were performed using iQ SYBR Green 

Supermix (BioRad, Hercules, CA) rather than SsoAdvanced Universal SYBR Green 

Supermix. The thermal cycling program, used with the iQ SYBR Green Supermix, consisted 

of an activation step (95 °C, 3 min) followed by 40 cycles of denaturing (95 °C, 10 sec) and 

annealing (primer specific temperature, 30 sec). Primers sequences for all genes measured 

are listed in Table 3. Primer sequences not obtained from the literature were created using 

Primer 3 (http://biotools.umassmed.edu/bioapps/primer3_www.cgi). Optimal annealing 

temperature was determined for each original primer set by conducting qPCR reactions on a 

thermal gradient. Annealing temperature was selected based on greatest target amplicon 

yield. The expression of each gene was quantified via the standard curve method using serial 

diluted cDNA samples, and the expression of each target gene was normalized using 

ribosomal protein l8 as reference gene. 
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Table 3. Primer sequences utilized in this study. 

Gene* Primer Sequence (5′-3′) Annealing 
Temp. (°C) 

l8 
(Kolok et al. 2007) 

Forward: GCCCATGTCAAGCACAGAAAA 
Reverse: ACGGAAAACCACCTTAGCCAG 

63.8 

vtg 
(Kolok et al. 2007) 

Forward: TATGCACGAGAAAATCGCCAC 
Reverse: AGCATGACGACTTCACGCAG 

65 

erα 
(EF191016) 

Forward: CGGTGTGCAGTGACTATGCT 
Reverse: CTCTTCCTGCGGTTTCTGTC 

60 

erβ 
(AY566178) 

Forward: CGTTTTGGCATAACCATGTG 
Reverse: TGCTGTCAGACTTCCGAATG 

62 

ar 
(Kolok et al. 2007) 

Forward: GTTTCCGTAACCTGCATGTGG 
Reverse: CGCGCATTAGCGTTCTTGTA 

60 

arom 
(Ankley et al. 2007) 

Forward: TGCTGACACATGCAGAAAAACTC 
Reverse:  CAGCTCTCCGTGGCTCTGA 

60 

star 
(Kolok et al. 2007) 

Forward: CTTGAACAGCAAACAGATGACCTT 
Reverse: CTCCCCCATTTGTTCCATGT 

52 

p450scc 
(DQ360498) 

Forward: TCGAGGACATAAAGGCCAGT 
Reverse: AGGGCTCCTTTAAGCAGAGG 

61 

*Abbreviation: l8 (ribosomal protein L8); vtg (vitellogenin); erα (estrogen receptor α); erβ 

(estrogen receptor β); ar (androgen receptor); arom (aromatase); star (Steriodogenic acute 

regulatory protein); p450scc (cholesterol side chain cleavage enzyme). 

 

Morphometric Assessments  

Upon termination of the PBDE-47 exposure, fish were euthanized using a lethal dose 

(0.3 g/L) of tricaine mesylate (MS-222). Secondary sexual characteristics were assessed in 

males by scoring the fatpad according to Ankley et al. (2001) and counting the total number 

of nuptial tubercles. For both sexes, whole body, liver and gonad mass were recorded for 

determination of GSI and LSI (hepatosomatic index). GSI and LSI were calculated by 

dividing the mass of gonad or liver tissue by the total body mass and multiplying by 100.  
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Reproductive Assessment 

To monitor the effects of PBDE-47 exposure on reproductive success, fish were 

subjected to a 21-day breeding study modified from Ankley et al. (2001). Prior to PBDE-47 

exposure, spawning activity was monitored for 7 days. Breeding pairs that did not spawn 

during this period were eliminated reducing the number of pairs in each group to 16. 

Spawning substrates (PVC pipe halves) were checked for eggs at least twice daily. When 

eggs were present, substrates were placed in 1 L beakers and maintained in a 26 °C water 

bath. The total number of eggs was counted and recorded to determine clutch size and 

fecundity (eggs/female/day). Fertilization success was determined upon collection by visual 

inspection. Unfertilized eggs are opaque or clear eggs with a spot where the yolk has 

precipitated (Ankley et al. 2001). If detected, unfertilized eggs were removed from the 

structure. The number of hatched larvae was recorded for the determination of hatching 

success, and the mortality of hatched larvae was monitored until 48 hours post hatch for the 

determination of larval survival. Fertilization success, hatching success and larval survival 

were not determined for clutches of less than 50 eggs. 

 

Statistical Analysis 

Prior to analysis, breeding pairs outside of one standard deviation of the average egg 

production during the 7-day pre-exposure period were excluded from analysis for all 

endpoints. Significant differences between groups for fertilization success, hatching success 

and larval survival were determined using a matched pairs analysis to compare pre-exposure 

and post-exposure means of each breeding pair. All other endpoints measured were 

determined using a one-way analysis of variance (ANOVA) followed by a Dunnett’s post-
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hoc multiple comparison test. If variance was unequal between groups, significant 

differences were determined using a Welch ANOVA test followed by a Steel test to compare 

each treatment group with the control. Statistical significance was set at α < 0.05 for all tests. 

All analyses were conducted using the statistical software package JMP 10.0.  

!
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Chapter 2: Results 

Chemical Analysis of Artemia and Carcass Tissue 

Chemical analysis revealed that low dose breeding pairs were 6.06 ± 3.8 µg PBDE-47 

daily; whereas, high dose breeding pairs received 41.22 ± 22.6 µg PBDE-47 daily (mean ± 

standard deviation, n=5). The concentrations of PBDE-47 detected in carcass tissue are 

displayed in Table 4. In general, the body burdens produced were dose dependent and 

average concentrations of PBDE-47 were greater in females than in males.  

 

Table 4. PBDE-47 concentrations detected in male and female fathead minnow carcass 

tissue after 21 days of exposure. All data represented as mean ± standard error, n=5. 

 
Group Male Carcass (µg/g) Female Carcass (µg/g) 
Control 0.02 ± 0.03 0.02 ± 0.01 

Low 2.53 ± 0.97 8.64 ± 7.04 

High 8.45 ± 2.23 28.37 ± 17.42 

 

Expression of Reproductive Genes 

In males, exposure to PBDE-47 did not induce any alterations in the expression of 

vtg, erβ, ar, arom, star or p450scc (Table 5, ANOVA, p-values > 0.14). Males exposed to the 

low dose of PBDE-47 had significantly reduced hepatic expression of erα relative to controls 

(Table 5, ANOVA, p-value < 0.01). Females exposed to PBDE-47 did not experience any 

alterations in the expression of vtg, erβ, star or p450scc (Table 5, ANOVA, p-values > 0.13). 

However, females exposed to the high dose of PBDE-47 had significantly reduced ovarian 

expression of arom relative to controls (Table 5, ANOVA, p-value = 0.03). Though not 

statistically significant, females in this group also experienced an almost a four-fold decrease 

in the hepatic expression of erα (Table 5, ANOVA, p-value = 0.05).  
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Table 5. Relative expression of sex steroid hormone related genes in liver and gonad tissue 

in male and female fathead minnows. Asterisks indicate significant differences from the 

control. All data represented as mean ± standard error, n = 4-5. 

 
Sex Tissue Gene Control Low Dose High Dose 

M
al

e 

Liver 
vtg 0.002 ± 0.001 0.015 ± 0.008 0.002 ± 0.001 
erα 0.563 ± 0.051   0.270 ± 0.033* 0.498 ± 0.121 
erβ 0.917 ± 0.062 1.147 ± 0.139 0.796 ± 0.141 

Gonad 

ar 0.649 ± 0.097 0.585 ± 0.021 0.494 ± 0.034 
arom 0.082 ± 0.022 0.058 ± 0.021 0.069 ± 0.016 
erα 0.111 ± 0.022  0.106 ± 0.025 0.056 ± 0.009 
erβ 0.684 ± 0.060 0.660 ± 0.029 0.558 ± 0.044 
star 0.352 ± 0.047 0.458 ± 0.046 0.363 ± 0.093 

p450scc 1.431 ± 0.298 1.726 ± 0.241 1.664 ± 0.359 

Fe
m

al
e 

Liver 
vtg 1.179 ± 0.282 0.958 ± 0.289 0.737 ± 0.302 
erα 1.174 ± 0.264 0.600 ± 0.068 0.307 ± 0.119 
erβ 0.825 ± 0.136 0.484 ± 0.070 0.733 ± 0.122 

 ar 0.495 ±0.079 0.515 ± 0.099 0.326 ± 0.049 

Gonad 

arom  0.390 ± 0.063  0.234 ± 0.077   0.137 ± 0.017* 

erα 0.085 ± 0.011  0.069 ± 0.015 0.057 ± 0.016 
erβ 0.131 ± 0.013 0.129 ± 0.038 0.164 ± 0.074 
star 0.003 ± 0.001 0.008 ± 0.004 0.005 ± 0.002 

p450scc 0.203 ± 0.060 0.252 ± 0.038  0.298 ± 0.125  
 

Morphometric Assessments 

There were no alterations in body mass, LSI or GSI for either sex, and no alterations 

in the secondary sex characteristics of males. Adult exposure to PBDE-47 did not induce any 

alterations in male fatpad score (Table 6, ANOVA, p-value = 0.89) or number of tubercles 

(Table 6, ANOVA, p-value = 0.73). There were no differences in body mass, GSI or LSI for 

either sex. Mean body mass ranged from 1.7 to 1.9 g and 0.9 to 1.0 g in males and females, 

respectively (Table 6, ANOVA, p-values > 0.47). Mean GSI ranged from 1.2 to 1.9 and 9.5 

to 10.1 for males and females, respectively (Table 6, ANOVA, p-values > 0.46). Finally, 

mean LSI ranged from 1.7 to 1.8 and 2.3 to 2.5 in males and females, respectively (Table 6, 

ANOVA, p-values > 0.87).  
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Table 6. Body mass (g), gonadosomatic index (GSI), hepatosomatic index (LSI) and 

secondary sex characteristics of fathead minnows exposed to a low (6.06 µg PBDE-

47/pair/day) or high (41.22 µg PBDE-47/pair/day) dose. All data represented as mean ± 

standard error (sample size). 

 
Endpoint Control Low Dose High Dose 
Males    

Body Mass 1.9 ± 0.1 (10) 1.9 ± 0.1 (9) 1.7 ± 0.1 (10) 
GSI 1.9 ± 0.5 (10) 1.2 ± 0.1 (9) 1.3 ± 0.3 (10) 
LSI 1.8 ± 0.2 (10) 1.7 ± 0.2 (9) 1.7 ± 0.2 (9) 
No. of Tubercles 17.1 ± 0.6 (10) 17.9 ± 0.7 (9) 18.0 ± 1.2 (10) 
Fatpad Score 2.4 ± 0.3 (10) 2.6 ± 0.2 (9) 2.5 ± 0.2 (10) 

Females    
Body Mass 0.9 ± 0.1 (10) 1.0 ± 0.1 (9) 0.9 ± 0.04 (10) 
GSI 9.5 ± 1.0 (10) 10.1 ± 1.3 (9) 9.8 ± 1.0 (10) 
LSI 2.3 ± 0.2 (10) 2.3 ± 0.3 (9) 2.5 ± 0.3 (10) 

 

21-Day Breeding Study  

Adult exposure to PBDE-47 did not induce any alterations in any of the reproductive 

endpoints measured. Over the course of the exposure period, mean egg production was 

approximately 500 eggs per pair in all groups (Figure 5). Average fecundity between groups 

ranged from 17.8 to 20.4 eggs per female per day (Table 7, ANOVA, p-value = 0.27). 

Average clutch size ranged from 138 to 157 eggs per clutch (Table 7, ANOVA, p-value = 

0.11). Mean percentage of pairs spawning per day ranged from 10.6 to 14.8 (Table 7, 

ANOVA, p-value = 0.43). Mean fertilization success, hatching success and larval survival of 

each group was greater than 97.5, 92.2 and 91.6%, respectively (Table 7, ANOVA, p-values 

> 0.38). No mortality was observed during the exposure period. 
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Figure 5. Mean cumulative egg production per pair of fathead minnow breeding pairs 

exposed to a low (6.06 µg PBDE-47/pair/day) or high (41.22 µg PBDE-47/pair/day) dose. 

Circles represent controls. Squares represent low dose. Triangles represent high dose. Dashed 

line represents the beginning of the exposure period.  

 

Table 7.  Reproductive success of fathead minnows exposed to a low (6.06 µg PBDE-

47/pair/day) or high (41.22 µg PBDE-47/pair/day) dose. All data represented as mean ± 

standard error (sample size). 

Reproductive Endpoint Control Low Dose High Dose 
Fecundity (no. eggs/female/d) 17.8 ± 4.9 (10) 13.8 ± 3.4 (9) 20.4 ± 10.9 (10) 
Clutch Size (no. eggs/clutch) 116.9 ± 8.9 (15) 143.2 ± 17.6 (13) 105.4 ± 10.9 (16) 
Spawning (% pairs spawning/d) 13.8 ± 2.3 (21) 10.6 ± 2.5 (21) 14.8 ± 2.2 (21) 
Fertilization Success (%) 98.9 ± 0.7 (9) 97.5 ± 2.1 (8) 99.9 ± 0.1 (9) 
Hatching Success (%) 92.2 ± 3.4 (9) 96.9 ± 2.1 (7) 98.3 ± 0.5 (9) 
Larval Survival (%) 93.5 ±1.6 (9) 91.6 ± 2.3 (7) 95.2 ± 1.0 (8) 
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Chapter 2: Discussion 

The primary objective of this study was to determine the effects of PBDE-47 on 

reproduction in adult fathead minnows. Female fathead minnows experienced alterations in 

the expression of genes related to sex steroid hormone signaling suggesting that PBDE-47 

can act as an endocrine disruptor. However, there were no observed alterations in the body 

mass or GSI in either sex or in male secondary sex characteristics. There were also no 

alterations in overall reproductive success. Taken together these results show that PBDE-47 

can act as an endocrine disruptor as evidenced by alterations in sex steroid hormone-related 

gene expression. However, at the doses used in this study, these alterations do not manifest 

themselves in those endpoints at the organismal level.  

 

PBDE-47 in Carcass Tissue 

Average PBDE-47 concentrations detected in carcass tissue were higher in females 

than in males for both treatment groups. These results are in agreement with similar studies 

(Table 8, Muirhead et al. 2006, Lema et al. 2008). However, none of these values have been 

adjusted for lipid content. It is possible that differences in body burden between the sexes 

could be attributable to a higher percentage of lipids in females (2.73 % lipid) than males 

(1.45 % lipid) (Ankley et al. 2001) given that PBDEs accumulate in adipose tissue (de Wit 

2002). Alternatively, differences in PBDE metabolism between sexes may account for sex-

specific differences in PBDE body burdens. Studies in mice have found that males are able to 

excrete larger amounts of PBDE-47 than females (Staskal et al. 2006a, Sanders et al. 2006). 

This was determined to be most likely due to the increased presence of major urinary protein 

(MUP) in male mice, which binds to PBDE-47 and is excreted through urine (Staskal et al. 
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2006b). MUP is known to be influenced by testosterone, which stimulates its production 

(Staskal et al. 2006b). There is currently no evidence of the presence of MUP in fish. 

However, given this evidence in mammals, the influences of endocrine-mediated, sex-

specific metabolism must be considered when further elucidating the metabolism of PBDEs 

in fish.  

 

Table 8. Comparison of PBDE-47 body burdens across similar studies using fathead 

minnows. All data represented as mean (µg/g carcass) ± standard deviation.  

Study Dose Female Male Result 

Current 
Study 

Low 8.64 ± 7.04 2.53 ± 0.97 
No alterations in reproductive 

success 
High 28.37 ± 17.42 8.45 ± 2.23 

Lema et al. 
2008 

Low 20.07 ± 7.38 11.43 ± 1.24 
No alterations in reproductive 

success, decrease in mature sperm 
High 107.60 ± 29.40 64.62 ± 6.10 

Muirhead et 
al. 2006 NA ~50-60 ~15 Reproductive failure, 

decreases in mature sperm 
 

 PBDE-47 body burdens in this study were lower than those in similar studies using 

this species (Table 8, Muirhead et al. 2006, Lema et al. 2008). Body burdens produced in this 

study were higher than those detected in wild-caught fish. The highest total PBDE 

concentration detected in fish by Hale et al. (2001) was 1.14 µg/g ww, approximately 2 times 

lower than the lowest body burden produced in this study (2.53 µg/g ww, low dose males). 

However, it remains difficult to compare body burdens produced in the lab to those found in 

the field. First, the majority of biomonitoring studies for using wild-caught fish measure 

PBDE body burdens in muscle tissue rather than carcass and correct for lipid content (de Wit 
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2002, Hale et al. 2001). While it is possible to retroactively determine the amount of lipid in 

fish from this study, muscle tissue is difficult to dissect from small model fish species and the 

difference in tissue type may contribute to discrepancies between studies. Secondly, 

comparing across different species could be problematic given differences in physiology, life 

history and trophic level. The metabolism of PBDE-47 has been described in several fish 

species and it appears that there are species-specific differences in the biological half-lives of 

PBDE-47 (Muirhead et al. 2006, Stapleton et al. 2004, Tomy et al. 2004). Specifically, the 

half-life of PBDE-47 has been reported to be as long as 346 days in lake trout (Tomy et al. 

2004), as compared to 11 days in Japanese medaka (Muirhead et al. 2006). Difference in 

trophic level between species could also result in body burden differences given that PBDE-

47 has been shown to biomagnify in the environment (Burreau et al. 2006, de Wit 2002). 

Therefore, if the fathead minnow is going to be used in future PBDE studies, it would be 

useful to measure PBDE concentrations in wild-caught fathead minnows in order to make 

more accurate comparisons to environmental levels of PBDEs. 

 

Reproductive Gene Expression 

 All of the genes chosen for analysis in this study are related to sex steroid hormone 

synthesis and signaling. StAR and p450scc are involved in steroid hormone synthesis. 

Specifically, StAR is responsible for the transfer of cholesterol from the outer to the inner 

mitochondrial membrane in order for p450scc to remove the cholesterol side chain (Arukwe 

2008). These genes were chosen for analysis given that endocrine disruption can occur not 

only at the level of the receptor but also through steroidogenesis (Arukwe 2008). There were 
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no alterations in the expression of either of these genes. This suggests that PBDE-47 does not 

disrupt steroid hormone synthesis. 

Vitellogenin is an egg pre-cursor protein produced in female fish when estrogen binds 

to estrogen receptors in the liver (Ankley & Johnson 2004). Male fathead minnows do not 

normally express vtg, but will do so if exposed to estrogen (Jones et al. 2000). Because of 

this, vtg expression is utilized as a biomarker of exposure to estrogen or an estrogenic 

compound in male fish. In female fish, a decrease in vtg suggests that estrogen is not binding 

to estrogen receptors to induce vtg expression. Therefore, in females, a decrease in vtg is 

indicative of anti-estrogenic activity. There were no alterations in male or female vtg 

expression, suggesting that PBDE-47 does not induce estrogenic or anti-estrogenic activity. 

Aromatase is an enzyme responsible for converting androgens to estrogens. In turn, 

estrogen receptors are responsible for binding to estrogen produced by Arom to induce its 

downstream effects (Ankley & Johnson 2004). In females, reductions in the ovarian 

expression of arom and the hepatic expression of erα were observed. In general, these results 

are indicative of disruptions in estrogen signaling. Specifically, the decreases in arom 

expression could lead to decreases in aromatase activity, leading to a reduction in estrogen 

production. In response to decreased estrogen levels, expression of estrogen receptors could 

decrease, possibly explaining the observed reduction in erα expression. However, if the 

observed gene expression patterns were a result of decreased aromatase activity and a 

subsequent decrease in estrogen, a decrease in female vtg expression would also be expected. 

As stated previously, there were no alterations in vtg expression, suggesting that the observed 

alterations in female erα are not a result of PBDE-47 acting at the level of the estrogen 

receptor. 
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Similar gene expression patterns (i.e., reductions in arom and erα) have been shown 

to occur in the presence of increased thyroid hormone (Nelson et al. 2010, Habibi et al. 

2012). Both male and female goldfish (Carassius auratus) experienced down regulation of 

both arom and erα in gonad tissue after injection with triiodothyronine (T3) (Nelson et al. 

2010). In goldfish, this is thought to be a mechanism of energy allocation (Nelson et al. 2010, 

Habibi et al. 2012). At the beginning of the spawning season, thyroid hormone levels are at 

their lowest. At the end of the spawning season, thyroid hormone levels quickly rise and are 

maintained until the next season (Sohn et al. 1999).  During the spawning season when 

thyroid hormones are low, estrogen responsiveness increases by increasing expression of sex-

steroid hormone-related genes, most likely to meet reproduction demands (Nelson et al. 

2010, Habibi et al. 2012). Given the similarities in gene expression patterns between the 

current study and Nelson et al. (2010) coupled with evidence that PBDE-47 disrupts thyroid 

hormone signaling (Lema et al. 2008, de Wit 2002), it is possible that PBDE-47 alters 

estrogen signaling via disruption of thyroid signaling, rather than by directly interacting with 

estrogen receptors. 

Male fish did not experience any significant alterations in gene expression even 

though PBDE-47 had been shown to have anti-androgenic activity (Koijima et al. 2009, 

Stoker et al. 2005, Hamers et al. 2006). Higher concentrations of PBDE-47 were found in the 

carcass of females relative to males. Therefore, one possibility is that females may be 

exposed to higher concentrations of PBDE-47, thereby inducing the observed alterations in 

gene expression. 
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Morphometric Assessments 

There were no differences in the secondary sex characteristics of males, suggesting 

that PBDE-47 does not alter androgen signaling in males. There were also no differences in 

body mass, LSI or GSI between treatment groups. Both Muirhead et al. (2006) and Lema et 

al. (2008) also found no alterations in GSI for either sex. However, both of these studies also 

reported significant decreases in the presence of mature sperm in male fathead minnows 

exposed to PBDEs. Histological analysis was not performed as part of the study; therefore, it 

remains unknown if similar effects occurred in this study. However, it should be noted that 

fertilization success was not altered in pairs exposed to PBDE-47, suggesting that if exposed 

male fathead minnows did experience decreases in mature sperm, fertilization success was 

not affected.  

 

Reproductive Success 

In this study, exposure to PBDE-47 did not cause alterations in the reproductive 

endpoints analyzed. Muirhead et al. (2006) exposed fathead minnows to PBDE-47 using a 

similar study design and found that exposed fish suffered complete reproductive failure 

(Table 8). However, PBDE-47 body burdens produced were approximately twice as high 

than the current study. Therefore, observed alterations may have been due to the acute 

toxicity of PBDE-47 rather than endocrine disruption by PBDE-47 given that exposed males 

suffered significant decreases in condition factor and mortality (Muirhead et al. 2006). Lema 

et al. (2008) produced body burdens lower than that of Muirhead et al. (2006) in fathead 

minnow breeding pairs and found no alterations in reproductive output (Table 8). The current 

study provides evidence that high doses of PBDE-47 may not cause reductions in 
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reproductive success, despite alterations in sex steroid hormone-related signaling. However, 

given that some compounds induce endocrine disrupting properties at low doses, it is 

important that future studies seek to elucidate the effects of low dose exposure (Vandenberg 

et al. 2012).  

 

Conclusions 

The current study provides evidence that short-term exposure to PBDE-47 does not 

induce alterations in reproductive success in any of the endpoints measured. However, based 

on the observed alterations in gene expression in female fathead minnows, PBDE-47 does 

have the capacity to disrupt reproductive endocrine signaling. If future studies focused on the 

effects of PBDEs are to be conducted using model species such as the fathead minnow, it is 

recommended that biomonitoring studies target a species within a similar trophic level and 

with similar life history for PBDE analysis for the determination of environmental relevance. 

!
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Chapter 3: Introduction 

Polybrominated diphenyl ethers (PBDEs) are a class of compounds consisting of 209 

congeners that are manufactured for use as flame-retardants. PBDEs are most often applied 

to products such as electronics, vehicles and polyurethane foams. When they are applied to 

these products, PBDEs are not chemically bound, allowing them to easily leach into the 

environment (de Wit 2002, Rahman et al. 2001). Once PBDEs have entered the environment, 

they persist for long periods of time given their resistance to degradation (Gouin & Harner 

2003) and propensity to accumulate in biological tissues (de Wit 2002).  

PBDE-47 is the most prevalent congener detected in environments all over the world 

including the Americas, Europe, Asia and the Artic (Law et al. 2006 & 2008, de Wit et al. 

2012). PBDE-47 is also frequently detected in a large variety of organisms including fish, 

birds and mammals (de Wit 2002, Hale et al. 2003). Given the ubiquity of PBDEs, organisms 

of all life stages are subject to exposure. It has been demonstrated that PBDEs are maternally 

transferred in several species (van de Merwe et al. 2011, Schecter et al. 2007, Nyholm et al. 

2008), indicating that organisms are subject to exposure from the earliest developmental 

stages. Adverse effects associated with PBDE-47 exposure include disruptions in thyroid 

signaling and neurodevelopmental toxicity (de Wit 2002). 

Several in vitro studies have provided evidence that PBDE-47 is capable of endocrine 

disruption, specifically through estrogenic and anti-androgenic activities (Kojima et al. 2009, 

Hamers et al. 2006, Stoker et al. 2005, Meerts et al. 2001). It is widely accepted that 

endocrine disrupting compounds can induce different effects depending upon the timing of 

exposure (Guillette et al. 1995). In general, adult exposures produce activational effects that 

are temporary and reversible, while early life stage exposures produce effects that are 
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permanent and irreversible. For example, in zebrafish (Danio rerio) it has been shown that 

exposures to 17β-estradiol during adulthood induce production of vitellogenin, a precursor 

egg protein (Brion et al. 2004). This induction has been shown to be reversible given 

adequate depuration time (Brion et al. 2004, Schultz et al. 2000). In contrast, identical 

exposures to 17β-estradiol during the process of sexual differentiation significantly alter sex 

ratios in favor of females (Brion et al. 2004). Given that zebrafish are gonochoristic in 

adulthood, the observed alterations in sex ratio are permanent (Takahashi 1977). Therefore, it 

is reasonable to suspect that the effects of PBDE-47 exposure during early life stages and 

adulthood would be different.  

 Given the suspected endocrine disrupting properties of PBDE-47, many studies focus 

on the possible reproductive effects of PBDE-47. Studies using adult fathead minnows 

(Pimephales promelas) and zebrafish have reported reductions in fecundity due to PBDE-47 

exposure (Muirhead et al. 2006, Chen et al. 2012b). In fathead minnow males, PBDE-47 

exposure has also been shown to significantly reduce the number of mature sperm (Muirhead 

et al. 2006, Lema et al. 2008). Finally, PBDE-47 has been shown to decrease ovarian 

expression of aromatase and hepatic expression of estrogen receptor α in fathead minnow 

females (Thornton et al., unpublished). In sum, these studies demonstrate that PBDE-47 

exposure can be detrimental to reproductive success as well as reproductive endocrine 

signaling. However, it remains unknown if PBDE-47 exposure during early life stages 

induces organizational effects that persist through adulthood. 

 The main goal of this study was to determine the effects of early life stage PBDE-47 

exposure on reproductive function. To achieve this goal, the following objectives were 

assessed: 1) to determine the effects of early life stage PBDE-47 exposure on reproductive 



! ! !34 

endocrine signaling 2) to determine the effects of early life stage PBDE-47 exposure on 

reproductive success and 3) to evaluate the effects of early life stage PBDE-47 exposure on 

sexual development. Fathead minnows were exposed to PBDE-47 via a combination of 

maternal transfer and diet until 34 dpf at which point minnows were raised on a clean diet 

until sexual maturity (~6 months). To assess effects of PBDE-47 on endocrine signaling, 

subsets of larvae were sampled at 6 and 34 dpf for the analysis of sex steroid hormone-

related gene expression. To assess reproductive success, minnows were subjected to a 21-d 

breeding study at sexual maturity for the assessment of spawning frequency, clutch size, 

fecundity, fertilization success, hatching success and larval survival. Finally, to assess sexual 

development, gonadosomatic index (GSI), secondary sex characteristics (SSC) and sex ratio 

were determined at the conclusion of the breeding study.!
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Chapter 3: Methods 

General Experimental Design 

 Figure 6 shows the experimental design for early life stage PBDE-47 exposure. 

Fathead minnows were exposed to PBDE-47 via a combination of maternal transfer and diet. 

Briefly, adult fathead minnow breeding pairs were fed clean, low PBDE-47 dose, or high 

PBDE-47 dose bioencapsulated Artemia. At the predicted peak of maternal transfer, embryos 

were collected from each of the groups and maintained until 6 dpf when larvae begin to free 

feed. From 6 to 33 dpf, larvae were fed the same Artemia as the parental generation (i.e. 

larvae from control parents were fed clean Artemia, larvae from low dose parents were fed 

low dose Artemia, etc). At the conclusion of the exposure period larvae were raised on a 

clean diet until sexual maturity at which point reproductive success was monitored for 21 

days. 

                 

Figure 6. Experimental design for early life stage fathead minnow PBDE-47 exposure. 
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Bioencapsulation of Artemia 

To expose fathead minnows to PBDE-47 via their diet, Artemia nauplii were 

bioencapsulated with PBDE-47. PBDE-47 was obtained from Chem Service, Inc. (West 

Chester, PA; > 99% purity) and a 10 mg/mL stock solution was prepared in hexane. To 

bioencapsulate Artemia, 1 mL of the stock solution was added to a 250 mL Erlenmeyer flask. 

The hexane was evaporated off leaving 10 mg of PBDE-47 coating the inside of the flask. 

Next, 10.5 g wet weight (ww) of newly hatched Artemia (~24 hours old) were added to the 

flask with 100 mL of 35 g/L salt water and allowed to incubate for approximately 24 hours 

under light aeration with no light to prevent possible photolytic degradation of the PBDE-47. 

Following incubation, artemia were collected and rinsed with fresh water. Artemia were then 

frozen at -20 °C prior to being fed to adult minnows or directly fed to larvae live.   

 

Maternal Transfer of PBDE-47 

Adult fathead minnows (~5 months old) were obtained from Aquatic Biosystems 

(Fort Collins, CO). Fish were housed in 30L aquaria at 26°C under a photoperiod of 16 h 

light: 8 h dark and fed commercially available flake food (Tetramin, Blacksburg, VA) ad 

libitum twice daily. Uneaten food and wastes were removed during daily one-third water 

exchange. Renewal water had the following water quality (mean ± standard deviation): pH, 

7.9 ± 0.6; alkalinity (expressed as ppm CaCO3), 106.3 ± 7.6; hardness (expressed as ppm 

CaCO3), 101.8 ± 4.9; and conductivity 402.0 ± 21.7 µS/cm.  

In order to maternally transfer PBDE-47, adult fathead minnow breeding pairs 

received Artemia bioencapsulated with PBDE-47. Control pairs received 105 mg clean 

Artemia. Low dose breeding pairs received 105 mg bioencapsulated Artemia daily at a 
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concentration of 57.68 µg PBDE-47 /g Artemia (6.06 µg PBDE-47/pair/day). High dose 

breeding pairs received 105 mg bioencapsulated Artemia daily at a concentration of 392.59 

µg PBDE-47 /g Artemia (41.22 µg PBDE-47/pair/day). Offspring were collected from each 

of these groups after 8-12 days of exposure. This time period was selected based on the 

predicted peak of maternal transfer of PBDE-47 determined by van de Merwe et al. (2011). 

When eggs were present, substrates were placed in 1 L beakers and incubated in a 26 °C 

water bath. Upon collection, ten embryos were sampled from each clutch at approximately 

24 hours post fertilization for PBDE-47 analysis.  

 

Dietary Exposure to PBDE-47 

At 6 dpf, 495 larvae were randomly selected from each group for subsequent PBDE-

47 exposure and housed at a density of 45 larvae/L in 1 L beakers maintained in a 26°C water 

bath. From 6 to 33 dpf, larvae were fed live Artemia in excess twice daily. In the mornings, 

larvae were given the same bioencapsulated Artemia as the respective parental generations. 

The feeding regime for larvae dosed with PBDE-47 is listed in Table 9. Control larvae were 

fed equal amounts of Artemia with no detectable amounts of PBDE-47. In the evenings, all 

groups of larvae were fed equal amounts of clean Artemia. At 19 dpf larvae were divided into 

2 1L beakers to reduce density (~22 larvae/L). At 34 dpf, all larvae were transferred to 90L 

aquaria at a density of approximately 1.5 fish/L. Fish were maintained at 26°C under a 

photoperiod of 16 h light: 8 h dark and fed commercially available flake food (Tetramin, 

Blacksburg, VA) ad libitum twice daily. Uneaten food and wastes were removed during daily 

one-third water exchange. 
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Table 9. Dosing regime for PBDE-47 exposed larvae from 6 dpf to 33 dpf.  

Larval Age (dpf) Artemia/Larvae  
mg (ww) 

Low Dose: 
PBDE-47/Larvae (µg) 

High Dose: 
PBDE-47/Larvae (µg) 

6-13 3.19 0.184 1.251 
14-18 4.78 0.276 1.877 
19-20 6.38 0.368 2.503 

21 9.56 0.552 3.754 
22 12.75 0.735 5.006 

23-33 19.13 1.103 7.508 
 

PBDE-47 Analysis 

Chemical analysis was performed using methods modified from Liu et al. (2009). To 

prepare Artemia and embryo samples, 1 mg of Artemia or ten embryos (~10 mg) in 

approximately was homogenized in approximately 1-2 ml of 5:2 acetone/hexane with 50 ng 

isotopically labeled 13C12 PBDE-47 in ethyl acetate as the internal standard using a Mini 

Beadbeater 24 with 2.5 mm glass beads (Bartlesville, OK).  

Larvae samples were prepared by collecting one half of the whole carcass by cutting 

along the spine. Carcass tissue was then homogenized using a plastic pestle, and 1 mg of the 

homogenate was collected for extraction. The homogenate portion was then homogenized 

further in approximately 1-2 ml of 5:2 acetone/hexane with 50 ng isotopically labeled 13C12 

PBDE-47 in ethyl acetate as the internal standard using a Mini Beadbeater 24 with 2.5 mm 

glass beads (Bartlesville, OK). 

Following homogenization, all samples were filtered using a syringeless filter device 

with a pore size of 0.2 µm (Whatman, General Electric, Pittsburg, PA). Samples were then 

evaporated under nitrogen gas then resuspended in approximately 1-2 mL of acetonitrile and 

incubated at -20 °C for 30 minutes. Samples were then filtered through filter paper (20-30 

µm pore size), evaporated under nitrogen gas and resuspended in 100 µL of ethyl acetate.  
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Samples were analyzed on an Agilent Technologies 5973 mass spectrometer with a 

6890N GC System (Santa Clara, CA) equipped with an Agilent 30 m X 0.25 mm X 0.025 um 

DB-5 capillary column. The GC was operated in splitless injection mode under constant flow 

of helium carrier gas at 1.1 mL/min with an inlet temperature of 265 C.  The GC oven was 

programmed for an initial 1 min hold at 40 °C and then ramped at 15 °C/min to a final hold 

at 300 °C for 10 min.  The mass spectrometer was operated in the selected ion mode with the 

following m/z targets:  13C12 PBDE-47: 498, 496, 338, 336 and PDBE-47: 486, 484, 326, 

324.   Standard curves were prepared using PBDE 47 concentrations from 16 µg/L to 200 

mg/L and 13C12 PBDE-47 was at 500 µg/L. Percent recovery was determined by spiking 

control tissue samples with native PBDE-47. The recoveries of known amounts of PBDE-47 

for Artemia, embryo and larval carcass samples were 99-121%, 93-113% and 128-139% 

respectively. Within each set of samples, an additional solvent blank was prepared to ensure 

quality control. Solvent blanks did not contain detectable levels of PBDE-47. 

 

Gene Expression Analysis 

At 34 dpf, whole larvae were sampled and flash frozen in liquid nitrogen for gene 

expression analysis. Viscera were later removed from 34 dpf larvae via dissection in 

homogenization solution. Tissues were homogenized using an QSonica tissue sonicator 

(QSonica, Farmingdale, NY), and total RNA was extracted from each sample using the 

Maxwell 16 LEV simplyRNA Purification Kit (Promega, Madison, WI) per manufacturer 

protocol  as outlined in Sellin Jeffries et al. (2014). Total RNA was quantified and checked 

for purity using the NanoDrop 1000 (ThermoScientific, Wilmington, DE). All samples had 

260/280 ratios ≥ 2.06. First-strand cDNA was synthesized using the iScript cDNA synthesis 
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kit (BioRad, Hercules, CA) per manufacturer protocol. Briefly, each 10 µL reaction 

contained 2 µL of 5x iScript Reaction mix, 0.5 µL iScript reverse transcriptase and 0.1 µg of 

total RNA diluted into 7.5 µL of nuclease free water. Reactions were performed using a 

TC100 thermal cycler (BioRad, Hercules, CA) with a thermal cycling program of 5 min at 25 

°C followed by 30 min at 42 °C and 5 min at 85 °C. 

All qPCR reactions were performed in triplicate using a CFX Connect real-time PCR 

detection system managed by CFX Manage Software version 3.0 (BioRad, Hercules, CA). 

Each 10 µL qPCR reaction contained 5 µL of SsoAdvanced Universal SYBR Green 

Supermix (BioRad, Hercules, CA), 0.3 µL of primer, 4.3 µL of nuclease free water and 0.4 

µL of cDNA. The thermal cycling program consisted of an activation step (95 °C, 30 sec) 

followed by 40 cycles of denaturing (95 °C, 10 sec) and annealing (primer specific 

temperature, 15 sec). Reactions for l8 and vtg were performed using iQ SYBR Green 

Supermix (BioRad, Hercules, CA) rather than SsoAdvanced Universal SYBR Green 

Supermix. The thermal cycling program, used with the iQ SYBR Green Supermix, consisted 

of an activation step (95 °C, 3 min) followed by 40 cycles of denaturing (95 °C, 10 sec) and 

annealing (primer specific temperature, 30 sec). Primers sequences for all genes measured 

are listed in Table 10. Primer sequences not obtained from the literature were created using 

Primer 3 (http://biotools.umassmed.edu/bioapps/primer3_www.cgi). Optimal annealing 

temperature was determined for each original primer set by conducting qPCR reactions on a 

thermal gradient. Annealing temperature was selected based on greatest target amplicon 

yield. The expression of each gene was quantified via the standard curve method using serial 

diluted cDNA samples, and the expression of each target gene was normalized using 

ribosomal protein l8 as reference gene. 
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Table 10. Primer sequences utilized in this study. 

Gene* Primer Sequence (5′-3′) Annealing 
Temp. (°C) 

l8 
(Kolok et al. 2007) 

Foward: GCCCATGTCAAGCACAGAAAA 
Reverse: ACGGAAAACCACCTTAGCCAG 

63.8 

vtg 
(Kolok et al. 2007) 

Forward: TATGCACGAGAAAATCGCCAC 
Reverse: AGCATGACGACTTCACGCAG 

65 

erα 
(EF191016) 

Forward: CGGTGTGCAGTGACTATGCT 
Reverse: CTCTTCCTGCGGTTTCTGTC 

60 

erβ 
(AY566178) 

Forward: CGTTTTGGCATAACCATGTG 
Reverse: TGCTGTCAGACTTCCGAATG 

62 

ar 
(Kolok et al. 2007) 

Forward: GTTTCCGTAACCTGCATGTGG 
Reverse: CGCGCATTAGCGTTCTTGTA 

60 

arom 
(Ankley et al. 2007) 

Forward: TGCTGACACATGCAGAAAAACTC 
Reverse:  CAGCTCTCCGTGGCTCTGA 

60 

 

*Abbreviation: l8 (ribosomal protein l8); vtg (vitellogenin); erα (estrogen receptor α); erβ 

(estrogen receptor β); ar (androgen receptor); arom (aromatase). 

The expression of each gene was quantified via the standard curve method using serial 

diluted cDNA samples, and the expression of each target gene was normalized using 

ribosomal protein l8 as reference gene. 

 

Breeding Study 

Upon sexual maturity (~5 months old), fish were subjected to a 21-day breeding study 

modified from Ankley et al. (2001). One hundred twenty fish were randomly assorted to 

create 20 breeding pairs per dose. Two pairs were housed in each 30 L tank and separated by 

a plastic divider. During the breeding study, all pairs were fed 105 mg clean Artemia/pair/day 

as well as commercially available flake food (Tetramin, Blacksburg, VA) ad libitum twice 

daily. Renewal water had the following water quality (mean ± standard deviation): pH, 7.9 ± 
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0.9; alkalinity (expressed as ppm CaCO3), 101.8 ± 10.9; hardness (expressed as ppm CaCO3), 

109.3 ± 13.7; and conductivity 383.7 ± 22.1 µS/cm. 

Spawning substrates (PVC pipe halves) were checked for eggs at least twice daily. 

When eggs were present, substrates were placed in 1 L beakers and maintained in a 26 °C 

water bath. The total number of eggs was counted and recorded to determine clutch size and 

fecundity (eggs/female/day) could be determined. Fertilization success was determined upon 

collection by visual inspection. Unfertilized eggs are opaque or clear eggs with a spot where 

the yolk has precipitated (Ankley et al. 2001). If detected, unfertilized eggs were removed 

from the structure. The number of hatched larvae was recorded for the determination of 

hatching success, and the mortality of hatched larvae was monitored until 48 hours post hatch 

for the determination of larval survival. Fertilization success, hatching success and larval 

survival were not determined for clutches less than 50 eggs. 

 

Morphometric Assessments 

Upon completion of the breeding study, fish were euthanized using a lethal dose (0.3 

g/L) of tricaine mesylate (MS-222). Secondary sexual characteristics were assessed in males 

by scoring the fatpad according to Ankley et al. (2001) and counting the total number of 

nuptial tubercles. For both sexes, whole body, liver and gonad mass were recorded for 

determination of GSI (gonadosomatic index) and LSI (hepatosomatic index). GSI and LSI 

were calculated by dividing the mass of gonad or liver tissue by the total body mass and 

multiplying by 100.  
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Sex Ratio 

At approximately 8-9 months old, the sex ratio of the remaining populations of fish 

not used in the 21 day breeding study was determined. Sex was determined by presence of 

sex specific phenotypes (i.e. presence of tubercles or fatpad in males, the presence of 

ovipositor in females). When sex could not be determined by phenotype, fish were 

euthanized and gonads were directly examined using a light microscope.  

 

Statistical Analysis 

Significant differences in sex ratio between groups were determined using two 

separate chi square tests comparing the respective treatment group to the control. Significant 

differences in fatpad score of males were determined using a Kruskal Wallis test given that 

the assumptions of ANOVA were violated. Significant differences between groups for all 

other endpoints measured were determined using a one-way analysis of variance (ANOVA) 

followed by a Dunnett’s post-hoc multiple comparison test. If variance was unequal between 

groups, significant differences were determined using a Welch ANOVA test followed by a 

Steel test to compare each treatment group with the control. All tests were conducted using 

the statistical software pack JMP 10.0. Statistical significance set at α < 0.05 for all tests. All 

analyses were conducted using the statistical software package JMP 10.0. 
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Chapter 3: Results 

Chemical Analysis of Artemia, Embryos and Larvae Carcass 

Chemical analysis revealed that PBDE-47 was maternally transferred to offspring by 

the detection of PBDE-47 in embryos collected from exposed adult breeding pairs (Table 

11). Average concentrations of PBDE-47 in low and high dose treatment group embryos 

were 1.34 and 5.28 µg/embryo, respectively. Analysis of Artemia revealed that low and high 

dose treatment groups were fed 57.7 and 392.6 µg PBDE-47/g Artemia, respectively. The 

concentrations detected in larval carcass tissue are displayed in Table 11.  

 
Table 11. PBDE-47 concentrations (mean ± standard error) detected in embryos and 34d 

larval carcass tissue (n = 5).  

Group Embryo (ng/embryo) 34d Larvae (µg/g) 
Control ND ND 

Low 1.34 ± 0.88 60.74 ± 38.48 
High 5.28 ± 3.29 82.03 ± 42.79 

 

Expression of Reproductive Genes 

No significant differences were detected in relative gene expression in 34 dpf old 

larvae (Table 12, ANOVA, all p-values > 0.29). In addition, arom expression was unable to 

be quantified in the 34 dpf larvae.  

 
Table 12. Relative expression (mean ± standard error) of sex steroid hormone-related genes 

in 34 dpf (days post fertilization) larvae viscera (n = 6). ND = non detectable.  

Gene Control Low Dose High Dose 
vtg 0.22 ± 0.20 0.031 ± 0.02 0.05 ± 0.02 

arom ND ND ND 
ar 2.99 ± 0.95 1.83 ± 0.37 1.81 ± 0.32 
erα 1.91 ± 0.31 2.25 ± 0.41 2.25 ± 0.30 
erβ 1.91 ± 0.22 1.59 ± 0.12 1.52 ± 0.19 
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Morphometric Assessments 

 Males exposed to the high dose of PBDE-47 had significantly fewer tubercles than 

control males (Table 13, ANOVA, p-value < 0.01); however, there were no significant 

differences in fatpad score (Table 13, Kruskal-Wallis, p-value = 0.07), body mass, GSI or 

LSI (Table 13, ANOVA, p-values > 0.14). In females, there were no significant differences 

in body mass, GSI or LSI (Table 13, ANOVA, p-values > 0.20). 

 

Table 13. Body mass (g), gonadosomatic (GSI), hepatosomatic (LSI) and secondary sex 

characteristics of fathead minnows fed a low (57.7 PBDE-47/g) Artemia or high (392.6 

PBDE-47/g) Artemia dose during early life stages. All data represented as mean ± standard 

error (sample size). Asterisks indicate significant differences from the control.  

Endpoint Control Low Dose High Dose 
Male    

Body Mass 1.5 ± 0.1 (20) 1.6 ± 0.1 (19) 1.5 ± 0.1 (18) 
GSI 1.2 ± 0.1 (20) 1.8 ± 0.4 (19) 1.3 ± 0.1 (17) 
LSI 1.1 ± 0.1 (19) 1.3 ± 0.1 (19) 1.2 ± 0.1 (18) 
No. of Tubercles 18.0 ± 0.4 (20) 17.8 ± 0.5 (19) 15.7 ± 0.5 (18)* 
Fatpad Score 2.0 ± 0.0 (20) 2.3 ± 0.1 (19) 2.1 ± 0.1 (18) 

Female    
Body Mass 0.7 ± 0.02 (20) 0.7 ± 0.02 (19) 0.7 ± 0.03 (18) 
GSI 8.6 ± 0.5 (20) 8.7 ± 0.4 (18) 9.4 ± 0.9 (18) 
LSI 1.9 ± 0.2 (20) 1.6 ± 0.1 (19) 8.1 ± 5.1 (18) 

 
 

21-Day Breeding Study  

Early life stage exposure to PBDE-47 did not induce any changes in spawning 

frequency, fertilization success, hatching success or larval survival (Table 14). Mean 

percentage of pairs spawning per day ranged from 10.6 to 11.5 (Table 14, ANOVA, p-value 

= 0.91). Average fertilization and hatching success ranged from 98.8 to 99.2% and 93.7 to 
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96.7%, respectively (Table 14, ANOVA, p-value = 0.05). Mean larval survival ranged from 

93.1 to 94.8% (Table 14, ANOVA, p-value = 0.51). However, mean clutch size was 

significantly smaller in the low and high dose treatments relative to the control (Table 14, 

ANOVA, p-value < 0.01).  

 

Table 14.  Reproductive success of adult fathead minnow breeding pairs exposed to a low 

(57.7 PBDE-47/g Artemia) or high (392.6 PBDE-47/g Artemia) dose during early life stages. 

All data expressed as mean ± standard error (sample size). Asterisks indicate significant 

differences from the control. 

Reproductive Endpoint Control Low Dose High Dose 
Clutch Size (no. eggs/clutch) 99.6 ± 5.5  (52) 58.1 ± 5.5 (48)* 76.4 ± 7.6 (41)* 
Spawning (% pairs spawning/d) 11.4 ± 1.4 (22) 11.5 ± 1.5 (22) 10.6 ± 1.6 (22) 
Fertilization Success (%) 99.0 ± 0.2 (50) 98.8 ± 0.4 (37) 99.2 ± 0.3 (37) 
Hatching Success (%) 96.7 ± 0.6 (50) 95.7 ± 0.8 (37) 93.7 ± 1.1 (37) 
Larval Survival (%) 93.8 ± 0.8 (50) 94.8 ± 0.8 (37) 93.1 ± 1.4 (37) 

 

Average fecundity was significantly decreased in both the low and high dose treatments 

relative to the control during the final week of the study (Figure 7, ANOVA, p-value < 0.01). 

Prior to analysis, it was ensured that there were no differences in fecundity by week in the 

control group (data not shown, ANOVA, p-value = 0.65).  
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Figure 7. Average fecundity of adult fathead minnow breeding pairs exposed to a low (57.7 

PBDE-47/g Artemia) or high (392.6 µg PBDE-47/g Artemia) dose during early life stages. 

Error bars represent standard error. Asterisks indicate significant differences from the 

control.  

 

Sex Ratio 

The sex ratio of both the low and high dose groups were significantly different from 

the control (Table 15, Chi-squared, all p-values < 0.01). Relative to the control, both groups 

had a significantly higher proportion of females and therefore, a lower proportion of males.  
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Table 15. Sex ratio of fathead minnows fed a low (57.7 µg PBDE-47/g) or high (392.6 µg 

PBDE-47/g) dose of Artemia during early life stages. Asterisks indicate significant 

differences from the control. 

Group Sample Size (n) % Male % Female 
Control 202 52.97 47.03 

Low 217 34.56* 65.44* 
High 195 38.46* 61.54* 
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Chapter 3: Discussion 

The primary objective of this study was to determine the effects of early life stage 

PBDE-47 exposure on reproductive function in fathead minnows. Populations of fish 

exposed to PBDE-47 during early life stages had significantly more females than males upon 

reaching sexual maturity. During the breeding study, pairs from both the low- and high- dose 

groups had significantly smaller clutch sizes and significantly reduced fecundity during the 

third week of the study. Finally, males in the high dose treatment group had significantly 

fewer tubercles relative to controls. The observed reductions in clutch size and fecundity 

indicate that reproductive success is permanently altered when fathead minnows are exposed 

to PBDE-47 during early life stages. Furthermore, not only do exposed organisms produce 

fewer offspring, but alterations in sex ratio could also contribute to negative outcomes at the 

population level.  

 

PBDE-47 in Embryos and Carcass Tissue 

 PBDE-47 was detected in adult carcass, embryos and larval carcass in a dose-

dependent manner. The presence of PBDE-47 in embryos indicates that PBDE-47 was 

successfully maternally transferred to offspring. Offspring were therefore exposed from the 

earliest developmental stage possible. Maternal transfer of flame retardants has been 

demonstrated in other fish species (van de Merwe et al. 2011, Nyholm et al. 2008). However, 

to our knowledge, this is the first study to demonstrate maternal transfer of PBDE-47 in 

fathead minnows.  

It is difficult to place larval body burdens produced in this study into environmental 

context given that, at least to our knowledge, there are no studies focused on quantifying 
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PBDEs in larval fish. However, PBDE-47 concentrations found in larval carcasses were 

much greater than those typically detected in adult fish and zooplankton in the environment 

(Hale et al. 2001, Peltonen et al. 2014). Future studies focused on the long-term effects of 

early life stage PBDE-47 exposure should seek to produce more environmentally relevant 

body burdens to determine if the effects observed in this study persist. Regardless, this study 

is one of the first to assess the organizational effects of PBDE-47 exposure in fish. 

 

Expression of Reproductive Genes 

 No changes in the expression of sex steroid hormone-related genes were detected in 

this study. A study by Chen et al. (2010) also failed to detect many changes in gene 

expression in whole zebrafish larvae exposed to PBDE-47. It is possible that PBDE-47 does 

not induce alterations in the transcription of any of the genes measured. However, previous 

exposures have demonstrated the ability of PBDE-47 to modulate the expression of sex 

steroid hormone-related genes in adults (Thornton et al. unpublished). Both the current study 

and Chen et al. (2010) did not measure gene expression in isolated tissues but rather viscera 

and whole larvae, respectively. When measuring targeted gene expression of sex steroid 

hormone-related genes, tissues are isolated for analysis given differences in expression 

patterns across tissues (Filby et al. 2007). Therefore, it is possible that alterations in gene 

expression occurred, but differences between control and exposure groups remain difficult to 

detected given that RNA was isolated from viscera and not specific tissues. 
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Secondary Sex Characteristics & GSI  

Males exposed to the high dose of PBDE-47 had significantly fewer tubercles than 

control males. The number of tubercles is considered an indicator of androgen to estrogen 

ratio, and reductions are typically associated with feminization (Miles-Richardson et al. 

1999). In vitro studies have provided evidence that PBDE-47 is anti-androgenic through 

competitive inhibition of the androgen receptor (Kojima et al. 2009, Hamers et al. 2006). 

Known anti-androgenic compounds have been shown to reduce tubercles number in fathead 

minnow males (Martinovíc et al. 2008, Panter et al. 2012, Panter et al. 2004). Ankley et al. 

(2004) found that a metabolite of flutamide, a known anti-androgenic compound, not only 

bound to androgen receptors in the fathead minnow, but it also caused a reduction in tubercle 

number, demonstrating the effects of androgen receptor antagonism in vivo. It is therefore 

possible that the observed reductions in tubercle number are a result of the anti-androgenic 

activity of PBDE-47. Alternatively, reductions in tubercle number could also be an effect of 

reduced sexual development. However, there were no observed alterations in GSI, suggesting 

that sexual development is not hindered by early life stage PBDE-47 exposure.  

 

Reproductive Success 

 The results of the breeding study indicate that early life stage exposure to PBDE-47 

reduces reproductive success as evidenced by significant reductions in both clutch size and 

fecundity. Other studies focused on exposure to PBDEs in fish have found reductions in 

reproductive success. Recently, Yu et al. (2014) exposed zebrafish to DE-71, a commercial 

mixture of flame-retardants containing PBDE-47, and observed a significant decrease in 

fecundity compared to controls. Han et al. (2013) also exposed zebrafish to DE-71 from 16 
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dpf to sexual maturity and found that at the highest dose (50 µg/L), egg production actually 

increased relative to the control, whereas egg production was significantly decreased at a 

much lower dose (5 ng/L). In comparison to the current study, both Yu et al. (2014) and Han 

et al. (2013) are different given the use of different species (zebrafish vs. fathead minnow), 

chemical exposures (DE-71 vs. PBDE-47) and exposure periods (complete life cycle vs. 

early life stages). However, these studies collectively suggest that there may be a period of 

increased sensitivity to flame-retardant exposure in teleost species during early life stages. 

This is not necessarily surprising given that developing organisms are generally more 

sensitive to chemical exposure than their adult counterparts (Guillette et al. 1995).  

At this point, the cause for observed reductions in reproductive output in this study 

are unknown. In fathead minnows, it has been reported that female gonadal development 

becomes evident at 10-25 dph whereas the somatic cells of male gonads are visible at 

approximately 25 dph (van Aerle et al. 2004). This period of sexual differentiation coincides 

with the exposure period used in the current study. The formation of testes and ovaries is 

particularly sensitive to exogenous chemical exposure during the early stages of development 

as has been evidenced by exposure to estrogens. For example, van Aerle et al. (2002) 

observed that male fathead minnows exposed to ethinylestradiol between 10 and 15 dph had 

ovarian-like ducts along the testis at sexual maturity. Current evidence suggests that PBDE-

47 may induce endocrine disruption as an estrogen receptor agonist and androgen receptor 

antagonist (Kojima et al. 2009, Hamers et al. 2006, Meerts et al. 2001). Considering the 

sensitivity of developing organisms as well as the endocrine disrupting capabilities of PBDE-

47, it is possible that exposure could disrupt important sex steroid signals during gonadal 

development, resulting in improper tissue formation. Therefore, it is likely that changes in 
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gonadal structure may have occurred in exposed fish given that alterations have been 

reported in similar studies (Muirhead et al. 2006, Han et al. 2013, Yu et al. 2014). To 

determine if changes in gonadal structure occur when early life stage organisms are exposed 

to PBDE-47, it is suggested that future studies include histological analysis.  

Finally, given that PBDE-47 has been shown to induce effects on behavior (de Wit 

2002), reductions in fecundity could also be explained by alterations in behavior. However, it 

is unlikely given that there were no differences in spawning frequency between groups. 

 

Sex Ratio 

 Both low and high dose treatment group populations had a significantly greater 

number of females than males. As previously mentioned, the study by Han et al. (2013) that 

exposed zebrafish to DE-71 for a complete lifecycle was very different in design and 

exposure regime from the current study. However, results also indicated alterations in sex 

ratio, specifically a greater number of males than females (Han et al. 2013). Alterations in 

sex ratio were opposite of those in the current study, perhaps due to differences in the 

physiological sex differentiation of zebrafish compared to fathead minnows. Specifically, 

fathead minnows develop either ovarian or testicular tissue whereas zebrafish initially 

develop ovarian-like tissue that then continues to develop into ovaries or differentiates into 

testes (van Aerle et al. 2004, Takahashi et al. 1997).  

 Previous studies have shown that the sex ratios of fathead minnow populations are 

sensitive to exogenous chemicals. Specifically, populations were predominately female when 

exposed to ethinyl estradiol for 56 dph (Länge et al. 2001). In addition, PBDE-47 has also 

been shown to be an estrogen agonist (Kojima et al. 2009, Hamers et al. 2006, Meerts et al. 
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2001). As such, it is possible that PBDE-47 is acting as an estrogen to induce a female bias in 

sex ratio. However, previous exposures to PBDE-47 in adult fathead minnows indicate that 

PBDE-47 induces antiestrogenic activity as evidenced by reductions in arom and erα 

(Thornton et al. unpublished), suggesting that the observed female bias in fathead minnows 

exposed to PBDE-47 during early life stages is not a result of estrogenic activity. 

 Alterations in sex ratio have also been shown to occur in fish as a result of hypo- or 

hyperthyroidism during sexual differentiation. Specifically, populations of zebrafish are 

skewed in favor of females when exposed to perchlorate, a compound known to induce 

hypothyroidism, during the period of sexual differentiation (Sharma & Patiño 2013, Mukhi et 

al. 2007). In addition, male fish exposed to perchlorate have inhibited pubertal development 

as evidenced by the relative presence of sperm (Sharma & Patiño 2013). As mentioned 

previously, PBDE-47 is known to disrupt thyroid signaling, causing hypothyroidism in adult 

fathead minnows (de Wit 2002, Lema et al. 2008). Early life stage exposure to PBDE-47 in 

fathead minnows has also been shown to induce inappropriate growths patterns (Thornton et 

al., unpublished), providing more evidence for thyroid disruption given that proper thyroid 

signaling is necessary for growth and metabolism. As such, previous evidence and the results 

of this study suggest that observed sex ratios might be a result of hypothyroidism during 

sexual differentiation. Regardless, these studies again indicate that early life stage organisms, 

specifically during the processes of sexual differentiation, are sensitive to flame retardant 

exposure.  

 In the environment, a skewed sex ratio could have population level consequences. 

First, given that long-term, constant exposure to PBDE-47 is likely, subsequent generations 

could be exposed, skewing the ratio further each time. Secondly, in some species, the male 
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provides parental care. In fathead minnows, the male provides parental care by guarding eggs 

from predators and cleaning eggs to prevent fungus (U.S. EPA 2002). Therefore, in a 

population with a reduced number of males, parental care may suffer, causing decreases in 

survival offspring. 

 

Conclusion 

While it is well established that exposure to PBDEs will most likely be long-term 

given their ubiquity, the results of this study provide evidence that early life stage fathead 

minnows are sensitive to PBDE exposure. If a similar PBDE-47 exposure were to occur in 

nature, the reductions in reproductive success and alterations in sex ratio could induce 

compounding negative effects at the population level. Though these organisms had not been 

actively exposed for approximately 6 months, it is apparent that PBDE-47 exposures during 

the earliest developmental stages induce permanent and irreversible effects on reproductive 

function and sexual development. 
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Chapter 4: Discussion 

The overall goal of this project was to determine the differential reproductive effects 

of adult and early life stage PBDE-47 exposure in fathead minnows. To achieve this goal, 

this project had two specific objectives with the following hypotheses:  

 

Objective 1: To determine the effects of short-term exposure to environmentally relevant 

concentrations of PBDE-47 on reproductive function in adult fathead minnows (Chapter 1).  

To complete this objective the following hypotheses were tested: 

Hypothesis 1: PBDE-47 exposure causes decreases in the reproductive success of 

adult fathead minnows.  

Hypothesis 2: PBDE-47-induced alterations in reproductive success are associated 

with changes in the expression of sex steroid hormone-related genes.  

 

Objective 2: To determine the effects of early life stage exposure to PBDE-47 on 

reproductive function in fathead minnows (Chapter 2). 

To complete this objective the following hypotheses were tested: 

Hypothesis 1: Early life stage PBDE-47 exposure causes decreases in the 

reproductive success of fathead minnows.  

Hypothesis 2: Early life stage PBDE-47 exposure causes decreases in the sexual 

development (e.g. secondary sex characteristics, gonadosomatic index, sex ratio) of 

fathead minnows.  
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Hypothesis 3: PBDE-47 induced alterations in reproductive success and sexual development 

are associated with alterations in the expression of sex steroid hormone-related genes during 

early life stages. 

 

To complete the first objective, adult fathead minnows were exposed to PBDE-47 via 

diet for 21-d during which reproductive success was monitored. Alterations in reproductive 

endocrinology were assessed by sacrificing the fish at the end of the exposure for the analysis 

of sex steroid hormone-related gene expression, secondary sex characteristics and 

gonadosomatic index. To complete the second objective, fathead minnows were exposed to 

PBDE-47 via a combination of maternal transfer and diet. Larvae were sacrificed at 34 dpf 

for the analysis of sex steroid hormone-related gene expression. At 34 dpf, exposure was 

terminated and minnows were raised on a clean diet. At sexual maturity, sexual development 

and reproductive success were assessed.  

 

PBDE-47 causes endocrine disruption but does not alter reproductive success in adults 

Adult fathead minnows exposed to PBDE-47 experienced alterations in sex steroid 

hormone-related gene expression, but did not have reductions in reproductive success. The 

observed alterations in female gene expression, specifically the reductions in arom and erα 

expression, suggest that estrogen signaling has been disrupted. While the mechanism by 

which signaling is altered remains unknown, previous evidence in goldfish suggests that 

alterations may occur through disruptions in thyroid signaling rather than at the level of the 

estrogen receptor (Nelson et al. 2010, Habibi et al. 2012). This explanation is reasonable 

given the similarity of PBDE-47 to thyroid hormone (de Wit 2002), as well as its ability to 
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disrupt thyroid signaling in other studies (Lema et al. 2008). Though PBDE-47 exposure 

induced alterations in gene expression, these alterations at the molecular level did not 

manifest themselves at the whole organism level by causing alterations in reproductive 

success. Given that many endocrine disruptors are potent at low levels (Vandenberg et al. 

2012), it is recommended that future studies continue to explore the possible endocrine 

disrupting effects of PBDE-47 at lower, more environmentally realistic body burdens.   

 

Early life stage PBDE-47 exposure permanently alters reproductive success and sexual 

development 

 Fathead minnows exposed to PBDE-47 during early life stages experienced 

permanent alterations in reproductive success and sexual development. Specifically, 

minnows exposed to PBDE-47 during early life stages suffered decreases in fecundity and 

reductions in clutch size. In addition, the sex ratio of the exposed population was female 

biased and the existing high dose males were less masculine as evidenced by the significant 

reduction in tubercle number. The mechanisms by which these effects occur are currently 

unknown. However, other studies have demonstrated the ability of hypothyroidism during 

early life stages to produce female biased sex ratios and hinder sexual development in males 

(Sharma & Patiño 2013, Mukhi et al. 2007). Given that PBDE-47 has been shown to cause 

disruption in thyroid signaling (Lema et al. 2008, de Wit 2002) it is possible that PBDE-47 

could be inducing hypothyroidism to induce the observed effects in sexual development. 

Individually, it is reasonable to suspect that each of these alterations could have 

detrimental consequences for populations. For example, other studies have demonstrated 

reductions in fecundity due to chemical exposure could possibly result in the extinction of a 
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population within a few years (Miller & Ankley 2004). In regards to the altered sex ratio, it is 

possible that reductions in the number of males could subsequently result in a reduction in 

paternal care and decreased offspring survival. However, the combination of both reductions 

in fecundity, as well as a female-biased population, could induce synergistic detrimental 

effects on the population. Furthermore, given that PBDE-47 is likely to remain a prominent 

environmental contaminant for some time, multiple generations could be affected by 

exposure, further compounding the problem. Therefore, future studies should seek to 

elucidate the population level effects of early life stage PBDE-47 exposure.  

 

Activational vs. Organizational Effects 

 The effects of PBDE-47 exposure in adult and early life stage fathead minnows were 

different. Adults experienced alterations in gene expression, but no reductions in 

reproductive success, whereas early life stage fish suffered reductions in reproductive 

success, as well as alterations in sexual maturity, long after exposure had ended. Though it 

was not tested in this study, alterations in gene expression like those observed in the adult 

experiment are generally considered to be an activational effect. The observed effects due to 

early life stage exposure were permanent and are therefore considered to be organizational. 

Though these two experiments cannot be directly compared given differences in dose, they 

do effectively demonstrate differences in activational and organizational effects. Overall, 

these two studies further demonstrate the importance of considering all life stages when 

assessing the effects of chemical exposure.  
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Does PBDE-47 induce effects by disruption of thyroid signaling? 

 Currently, the mechanisms by which PBDE-47 induces adverse effects in adult and 

early life stage organisms are unknown. It was thought that if PBDE-47 did induce endocrine 

disruption, it would occur at the level of the androgen or estrogen receptor given the results 

of previous in vitro studies (Kojima et al. 2009, Hamers et al. 2006, Meerts et al. 2001). 

However, when adults were exposed to PBDE-47, there were no alterations in the expression 

of vtg, a biomarker of estrogenicity and anti-estrogenicity. Interestingly, results from 

previous studies indicated that the most comprehensive explanations for the observed effects 

in both experiments were disruptions in thyroid function. This is not necessarily surprising 

given the chemical similarity of PBDE-47 to thyroid hormone (de Wit 2002), as well as its 

ability to induce disruptions in thyroid signaling in adult fathead minnows (Lema et al. 

2008). The connection between reproduction and thyroid signaling in fish has been 

recognized for sometime (Blanton & Specker 2007). For example, thyroid hormone receptors 

are expressed in gonad tissue (Filby & Tyler 2007), indicating that thyroid signaling may be 

important for gonadal development and maintenance. However, the lack of knowledge 

concerning physiological processes in each of these systems limits the understanding of the 

effects of compounds such as PBDEs that influence both reproduction and thyroid signaling. 

Therefore, future studies must not only seek to gain understanding of basic physiological 

processes within each of these systems, but also seek to comprehend the cross-talk that is 

occurring.   
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Conclusion 

 Together, these two experiments describe the differential effects of PBDE-47 

exposure in adult and early life stage fathead minnows. Observed changes in gene expression 

during adult exposure provide evidence that PBDE-47 has the capacity to disrupt sex steroid-

hormone gene expression. Organizational effects observed in early life stage exposures 

indicate that PBDE-47 has the capacity to disrupt development and induce permanent effects 

on reproductive function and sexual development. PBDE-47 will remain of environmental 

concern for sometime. It is therefore important that its potential endocrine disrupting effects, 

particularly in regards to developing organisms, be considered during risk assessment and 

management practices. Finally, these experiments highlight the need to understand the basic 

physiological connections between the thyroid and reproductive systems.  
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ABSTRACT 

TIMING IS EVERYTHING: EXPLORING THE DIFFERENTIAL REPRODUCTIVE 
EFFECTS OF PBDE-47 IN ADULT AND EARLY LIFE STAGE FATHEAD MINNOWS 
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Polybrominated diphenyl ethers (PBDEs), manufactured as flame-retardants, are both highly 

stable and ubiquitous in the environment, meaning that exposures are likely to occur during 

various life stages. As such, the objective of this study was to determine the effects of PBDE 

exposure during adulthood and early life stages on reproduction. When adult fathead 

minnows were exposed to PBDE-47 for 21 days, there were no alterations in reproductive 

success. However, adult females exposed to a high dose of PBDE-47 experienced alterations 

in sex steroid hormone-related genes. When fathead minnows were exposed to PBDE-47 

during early life stages, exposed fish experienced significant alterations in fecundity, clutch 

size, sexual development and sex ratio. Overall, this study provides evidence that PBDE-47 

is capable of endocrine disruption in adult fathead minnows as well as inducing permanent 

effects on reproductive function in early life stage fathead minnows.  


